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a b s t r a c t

Mass transfer of hydrophobic organic contaminants (HOCs) across the air-water interface is an important
geochemical process controlling the fate and transport of HOCs at the regional and global scales.
However, few studies have characterized concentration or fugacity profiles of HOCs near both sides of the
air-water interface, which is the driving force for the inter-compartmental mass transfer of HOCs. Herein,
we introduce a novel passive sampling device which is capable of measuring concentration (and
therefore fugacity) gradients of HOCs across the air-water interface. Laboratory studies indicated that the
escaping fugacity values of polycyclic aromatic hydrocarbons (PAHs) from water to air were negatively
correlated to their volatilization half-lives. Results for field deployment were consistent between the
passive sampler and an active method, i.e., a combination of grab sampling and liquid-liquid extraction.
In general, the fugacity profiles of detected PAHs were indicative of an accumulation mechanism in the
surface microlayer of the study regions (Haizhu Lake and Hailing Bay of Guangdong Province, China),
while p,p'-DDD tended to volatilize from water to the atmosphere in Hailing Bay. Furthermore, the
fugacity profiles of the target analytes increased towards the air-water interface, reflecting the
complexity of environmental behavior of the target analytes near the air-water interface. Overall, the
passive sampling device provides a novel means to better characterize the air-water diffusive transfer of
HOCs, facilitating the understanding of the global cycling of HOCs.

© 2016 Elsevier Ltd. All rights reserved.
1. Introduction

Mass transfer of hydrophobic organic compounds (HOCs) across
the air-water interface is an important process governing both
short-range and long-range atmospheric transport mechanisms,
and bears significant implications for the global cycling of HOCs
(United States Environmental Protection Agency (USEPA), 2010;
Wania et al., 1998; World Health Organization (WHO), 2008).
Adding to the importance of such processes is the fact that many
e by B. Nowack.

2@163.com (L.-J. Bao).
toxic and persistent organic compounds are also hydrophobic. One
of the challenges for quantifying inter-compartmental processes is
to measure the concentration (and therefore fugacity) gradients of
HOCs across the air-water interface. In particular, the fugacity
gradients on both sides of the air-water interface that control the
magnitude of air-water exchange fluxes are within a few millime-
ters to centimeters from the interface (Liss and Slater, 1974).
Therefore, estimation of inter-compartmental transfer of HOCs
across the air-water interface without robust measurements of
fugacity data is likely to lead to large uncertainties (Guitart et al.,
2010). To date, however, almost all measurements of fugacity gra-
dients of HOCs were conducted with grab sampling methods and
passive samplers, i.e., those collected at single points away from the
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air-water interface in both the atmosphere and within the water
column (Guitart et al., 2010; Khairy et al., 2014; Manodori et al.,
2007; Mulder et al., 2014). In addition, inter-compartmental
fluxes were measured with micrometeorological methods at two
different points in the atmosphere (Sandy et al., 2012; Wong et al.,
2012).

Floating a chamber across the air-water interface is a commonly
accepted approach for sampling gaseous molecules of biogeo-
chemical interest, e.g., O2, CO2 and CH4 (Marino and Howarth,
1993). This method is relatively simple to adopt and measure-
ment uncertainties are not unreasonable if executed properly (Cole
et al., 2010; Galfalk et al., 2013). Alternatively, passive sampling is a
simple approach in field operations, as it does not require a power
supply and, unlike a flux chamber, poses no disturbance to the
sample matrix (Wennrich et al., 2003; Zeng et al., 2004). However,
one drawback with passive sampling methods for HOCs is the long
sampling time (Friedman et al., 2012); consequently, the negative
effects of photodegradation on quantitation accuracy must be
considered in sampler designs (Bartkow et al., 2006; Komarova
et al., 2009). Therefore, a sampler design combining the floating
chamber and passive sampling approaches would be able to fulfill
the objective of measuring the air-water fugacity profiles of HOCs
whileminimizing the effects of photodegradation. Until the present
study was completed, no similar sampling devices had been found
in the literature.

In this paper, we present a passive sampling device (Petition No.
for Patent Cooperation Treaty: PCT/CN2015/081377) to examine
two classes of HOCs, i.e., polycyclic aromatic hydrocarbons (PAHs)
and p,p'-dichlorodiphenyltrichloroethane (p,p'-DDT) and its me-
tabolites (p,p'-DDE and p,p'-DDD), the sum of which is designated
as DDTs. Low-density polyethylene (LDPE) was selected as the
sorbent phase. Laboratory and field studies were conducted to
compare the reliability and robustness of the sampling device with
an active sampling technique, i.e., a combined grab sampling and
liquid-liquid extraction (LLE) approach. The relative importance of
some factors, such as the concentrations of HOCs near the air-water
interface, affecting these profiles and hence mass transfer was also
assessed.

2. Materials and methods

2.1. Materials

Standards of 28 PAHs (Table S1) were acquired from AccuS-
tandard (New Haven, CT, USA). Isotopically labeled PAHs (chemical
purity > 98.5%, isotopic purity > 99.0%), including acenaphthene-
d10, phenanthrene-d10, chrysene-d12 and perylene-d12 (as surrogate
standards) and 2-fluorobiphenyl, p-terphenyl-d14 and dibenzo[a,h]
anthrancene-d14 (as internal standards), were purchased from Dr.
Ehrenstorfer GmbH (Augsburg, Germany). Standard solutions of
p,p'-DDT, p,p'-DDE and p,p'-DDD and solid standards of PCB-67,
PCB-191 (as surrogate standards) and PCB-82 (as internal stan-
dard) were purchased from AccuStandard. Six deuterated com-
pounds, i.e., p,p'-DDT-d8, p,p'-DDD-d8 and p,p'-DDE-d8 purchased
from C/D/N Isotopes (Quebec, Canada) and anthracene-d10, benzo
[a]anthracene-d12 and benzo[a]pyrene-d12 purchased from Cam-
bridge Isotope Laboratories (Andover, MA), were used as perfor-
mance reference compounds (PRCs).

LDPE sheets (50-mm film thickness) were purchased from TRM
Manufacturing (Corona, CA, USA). Before use, LDPE sheets were cut
into 200 mm � 200 mm (for field deployment), 50 mm � 50 mm
(water sampling in laboratory) and 100 mm � 100 mm slices (air
sampling in laboratory), which were precleaned by dialysis in
hexane twice over 48 h. The precleaned LDPE slices were immersed
in water:methanol (50:50 in volume) solution spiked with
anthracene-d10 at 30 mg L�1 and other PRCs (benzo[a]anthracene-
d12, benzo[a]pyrene-d12, p,p'-DDT-d8, p,p'-DDD-d8 and p,p'-DDE-d8)
at 3 mg L�1 until use (at least for two weeks). Three to five pieces of
loaded LDPE were processed to determine the initial PRC concen-
trations, and another three unloaded slices were used as field and
laboratory blanks, respectively, to monitor any possible external
contamination during deployment, transport and sample
processing.

2.2. Sampling device design and configuration

The sampling device is comprised of an external setup and a
series of sampling units connected by four stainless steel support
pillars (Fig. 1). The external setup consists of three parts: (1) four
vertical and two horizontal stainless steel support pillars; (2) four
stainless steel porous shields and a rectangular stainless steel plate;
and (3) polypropylene floats to provide buoyancy and protection
for the sampling device from direct sunlight and rainfall. In addi-
tion, each sampling unit consists of an LDPE sheet wrapped by
medium-flow filter papers (Whatman International, England) and
stainless steel porous shields to prevent coarse particles from
entering the device's interior. The consecutive sampling units are
placed horizontally and separated by stainless steel spacers of
different thicknesses, with symmetrically decreasing intervals from
the top/bottom to the middle, i.e., 36.0, 24.0, 15.7, 12.0 and 7.4 mm.
These intervals can be adjusted as needed with different-sized
spacers.

2.3. Laboratory microcosm study

Laboratory testing was conducted to examine the utility of the
sampling device in measuring the fugacity profiles of PAHs under
controlled conditions (quiescent condition; Fig. S1). A microcosm
was prepared using a 148-L stainless steel jar (with a diameter of
600 mm and a height of 600 mm) containing a 70-mm layer of
water spiked with 16 non-alkylated PAH compounds in an acetone
solution at 0.5 mg L�1 each (Table S1) and mixed by gentle agitation
with a glass rod for approximately 2 min. One sampling device was
placed into each jar, which was sealed and shielded from light
under static conditions at 25 ± 2 �C for 10 d. Three airewater mi-
crocosms, each containing a passive device without the attachment
of stainless steel shields, plates and polypropylene floats were
prepared; two of them (labeled as device A and B) were spikedwith
PAHs and the third one was a procedural blank. For a valid mea-
surement, it is important that transfer of PAHs into the passive
sampling device does not have an impact on the mass transfer
potentials of PAHs fromwater to air, as this would lead to profiling
an artificial fugacity gradient near the air-water interface.

2.4. Field deployment

Field deployment was conducted in Hailing Bay (a semi-closure
bay; Fig. S2) during September 28eOctober 15, 2012 and January
5e23, 2013, and in Haizhu Lake (a man-made wetland; Fig. S2)
during September 29eOctober 16, 2012. These sites are located
near heavy boat and automobile traffic, respectively, and PAHs may
be discharged from engine exhaust. Previous studies also detected
abundant DDTs in the water of Hailing Bay, with p,p'-DDD as the
predominant constituent (Yu et al., 2011a, 2011b). At each site, one
sampling device consisting of consecutive sampling units was
floated on the water surface and anchored with concrete bricks
(Fig. S3a), collecting freely dissolved HOCs on both sides of (close
to) the air-water interface. In addition, several individual passive
sampling units used for bulk matrix measurements were fixed at
various distances from both sides of the air-water interface, i.e., 60,



Fig. 1. Configuration of the passive sampling device.
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300 and 2000 mm above and 60, 1000, 2000 and 3000 mm below
the air-water interface in Hailing Bay, and 60, 300 and 5000 mm
above and 60mm below the air-water interface in Haizhu Lake. The
air-side sampling units were shaded from sunlight with a stainless
steel plate, separated by stainless steel spacers and placed hori-
zontally (Fig. S3b). One to two passive samplers, as replicates, was
lost in each sampling period. Upon completion of deployment, the
sampling devices and sampling units were disassembled, and the
LDPE slices were retrieved and transported under ice to the labo-
ratory, where they were stored at �20 �C until analysis.

Water surface microlayer samples were collected with a glass
plate (~50 cm� 60 cm) dipped vertically through the water surface
and withdrawn at a constant speed of approximately 15 cm s�1

(Harvey and Burzell, 1972), removed from both sides of the plate
with a silicone rubber squeegee blade, and stored in a glass vial.
Five liters of each sample were collected in Hailing Bay, while 0.5 L
was collected in Haizhu Lake. Surface water samples from ~0.5 m
beneath the air-water interface were collected with a stainless steel
submersible pump into 10-L brown glass bottles. All water samples
(n ¼ 8) were stored at 4 �C and processed within 24 h.

2.5. Sample extraction

Loaded LDPE slices were rinsed with Milli-Q water (18 MU-cm,
Millipore) water and wiped with filter paper to remove residual
water on the slices. They were cut to small pieces
(~20 mm � 30 mm), wrapped with filter paper, spiked with the
surrogate standards, and extracted in hexane (soaking) twice over
24 h. Each extract was concentrated to 1 mL with a Zymark Tur-
boVap 500 (Hopkinton, MA), and the final extract was spiked with
the internal standards before instrumental analysis.

Water samples were filtered with glass fiber filtration mem-
branes (GF/F; 0.7 mm nominal pore size; Whatman International),
and the filtrates were liquid�liquid extracted three times with 80,
60 and 40 mL of dichloromethane after addition of the surrogate
standards. Each combined extract was purified with a glass chro-
matography column containing 3% deactivated neutral silica gel
(120mm) and neutral alumina (60mm) from top to bottom. Finally,
internal standards were added to the final extract after it was
concentrated to 100 mL under a gentle stream of nitrogen. All ex-
tracts were analyzed with GC-MS. Detailed instrumental proced-
ures and quality assurance and quality control results are provided
in Text S1.

2.6. Data analysis

The gaseous concentration in air (Ca; ng m�3) or freely dissolved
concentration (Cw; ng L�1) in water of a target compound was
derived from the PE-normalized concentration (Cpe-a or Cpe-w)
divided by the sampling rate (Rs-a; m3 d�1 for air or Rs-w; L d�1 for
water) of the target compound and the equilibrium partition co-
efficient of PE�air (Kpe-a; L kg�1) or PE�water (Kpe-w; L kg�1)
(Lohmann et al., 2012), i.e.,

Ca ¼ Cpe�a

Kpe�a �
�
1� exp

�
� Rs�at

Kpe�aMpe

�� (1)

Cw ¼ Cpe�w

Kpe�w �
�
1� exp

�
� Rs�wt

Kpe�wMpe

�� (2)

The sampling rates of target compounds can be derived from the
sampling rates of PRCs (Rs-PRC) by adjusting Rs for the difference in
the partition coefficients. The sampling rates (Rs-PRC) of PRCs can be
estimated by the fractions of PRCs remaining in the PE sampler
(fPRC). The values of Kpe-a or Kpe-w were acquired from previous
studies (Bao et al., 2012; Khairy et al., 2014; Reitsma et al., 2013) and
corrected for temperature by the van't Hoff equation and for
salinity by the Setschenow constant (Schwarzenbach et al., 2003).
The Setschenow constant (KSi; L mol�1) used was 0.3 for PAHs
(Schwarzenbach et al., 2003) and 0.35 for DDTs (Lohmann, 2012).
Mpe is the mass of PE (kg). More details on calculation of sampling
rates for PRCs and target compounds and corrections of Kpe-a and
Kpe-w are given in Texts S2 and S3. The parameters used to calculate
Ca and Cw of the target compounds are listed in Tables S1 and S2.

The fugacity of an analyte in air (fa; Pa) andwater (fw; Pa), as well
as the fugacity fraction (f), can be obtained by (Liss and Slater, 1974;
Mackay and Paterson, 1991; Wong et al., 2012):

fa ¼ Ca � R� TA=M (3)

fw ¼ Cw � H=M (4)

f ¼ faðyÞ=faðyÞþfwðy0Þ (5)

where R is the ideal gas constant (8.314 Pa m3 K�1 mol�1); TA is the
air temperature (K);M is the molecular weight of the target analyte
(g mol�1); H is the Henry's Law constant (Pa m3 mol�1); fa(y) rep-
resents the fugacity in air at distance y from the air-water interface
and fw(y0) represents the fugacity in water at distance y0 from the
air-water interface. Surface microlayer may have a higher fugacity
capacity constant than bulk water (Southwood et al., 1999); how-
ever, freely dissolved concentrations rather than bulk concentra-
tions of target analytes were derived by the LDPE slice sampler. As a
result, equation (4) is suitable for estimating fugacity in surface
microlayer. A value of f of 0.5, <0.5 or >0.5 indicates, respectively,
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equilibrium between air and water, net volatilization fromwater to
air, or deposition from air to water for a target analyte (Wong et al.,
2012).

To identify the impacts of the variability of the related param-
eters on the fugacity, uncertainty ranges in the fugacities and
fugacity fractions of the target analytes were estimated using
Monte Carlo simulation, which was performed with Crystal Ball®

software (Version 2000.2, Decisioneering, Denver, CO, USA). Sen-
sitive analysis and propagation of error analysis were performed
with Monte Carlo simulation and Microsoft Excel 2010, respec-
tively. Detailed values and distributions for all variables (such as
Kpe-a, Kpe-w, H and fPRC) are provided in Tables S1 and S2.

3. Results and discussion

3.1. Sampler design considerations and effects of turbulence

The field results showed that the average loss fractions of benzo
[a]pyrene-d12, used to assess the effects of photodegradation,
ranged from 10% to 26% (Table S3). The dissipation rates of benzo[a]
pyrene-d12 (air: 0.016 ± 0.011 d�1; water: 0.015 ± 0.010 d�1) in the
field deployment were not significantly different from those in the
laboratory microcosms (air: 0.013 ± 0.008 d�1; water:
0.014 ± 0.012 d�1, p > 0.05, paired-sample t-test), demonstrating no
significant photodegradation during field deployment. This indi-
cated that the sampler design was effective in minimizing photo-
degradation of sorbed analytes in the sorbent phase, as the sorbents
were shielded with a rectangular stainless steel plate and wrapped
with filter paper.

A previous study also used dibenz[a,h]anthracene-d14 for
assessment of photodegradation effects in semipermeable mem-
brane devices (SPMDs) deployed in the ocean for 33 d (Komarova
et al., 2009). No detectable loss of dibenz[a,h]anthracene-d14 was
found in samplers housed in typical SPMD cages covered with
mesh, whereas the loss of dibenz[a,h]anthracene-d14 reached 86%
for samplers without any protection and was 27% for samplers with
porous cages as outer shields (Komarova et al., 2009). Apparently,
shielding from light is the key to minimizing the effects of photo-
degradation in passive sampler design.

The field results showed that the fugacity values of PAHs and
p,p'-DDD derived by two passive sampling methods at the same
sampling heights (60 mm above the air-water interface) at two
sampling sites were not significantly different (Table 1; p > 0.05,
paired-sample t-test). This indicated that the design of consecutive
sampling units within the passive sampler design was able to
minimize the effects of artificially introduced turbulence on the
sampling microenvironment, although the passive sampling device
bounced around with waves in field deployment.

3.2. Laboratory microcosm results

After 240 h of mimicked volatilization from water to air in the
microcosm, the amount of low-ring PAHs, such as acenaphthylene,
acenaphthene and fluorine, that accumulated in the passive sam-
pling device accounted for 18�30% of their initially spiked amounts
(Table S5). Furthermore, the sampling time (~240 h) was far longer
than the predicted half-lives (4.4e7.4 h; Table S6), suggesting that
the fugacity gradient of PAHs would only be slightly influenced, at
most, by the passive sampling device.

The fugacity profiles of target PAHs in water showed increasing
trends toward the air-water interface (Figs. 2 and S4). This was
probably because surface viscoelastic effects and/or surface tension
significantly reduced the gas transfer rate (Frew, 1997), which
would result in chemical accumulation near the air-water interface.
Such a finding is consistent with the fact that changes in
concentration profiles of gases mainly occur within a few milli-
meters of the air-water interface (Liss and Slater, 1974). On the air
side, the fugacity profiles of acenaphthylene, acenaphthene, fluo-
rene, phenanthrene, anthracene, fluoranthene and pyrene are
presented almost as a straight line, indicating a near-equilibrium
state for these compounds (Fig. 2aeg). However, of the high-ring
PAHs, only benzo[a]anthrancene was detected near the air-water
interface (Fig. 2hen). These results were in agreement with the
fact that three- and some four-ring PAHs have shorter volatilization
half-lives than higher-ring PAHs (Table S6).

Low-ring PAHs may volatilize from water, as indicated by the
short volatilization half-lives of naphthalene (0.4e6.2 h) and
anthracene (12e17 h) (Table S6) (Southworth, 1979). High-ring
PAHs, however, have volatilization half-lives ranging from 130 to
5300 h (Table S6). The sampling time of laboratory microcosm in
the present study (~240 h) was longer than the predicted half-lives
of low-ring PAHs (<100 h; Table S6). The nearly equal fugacity
profiles of low-ring PAHs between air and water were indicative of
a near-equilibrium state (Fig. 2aeg). On the other hand, the sam-
pling time was much shorter than the predicted half-lives of high-
ring PAHs (130e5300 h; Table S6), resulting in net vaporization for
these compounds consistent with observed fugacity differences
between air and water (Fig. 2hen). Overall, these results demon-
strated that the sampling device was able to measure air-water
concentration profiles of PAHs under controlled laboratory
conditions.

3.3. Field validation

During the sampling period of September�October 2012, the
concentrations of PAHs at both sites obtained by the active sam-
pling method (grab sampling with glass plate) were greater in
surface microlayer samples than in seawater (130e830 ng L�1

versus 10e60 ng L�1; Table 2). For DDTs, only p,p'-DDD was
detected in Hailing Bay water samples, and its concentrations were
greater in seawater (0.6e0.9 ng L�1) than in the surface microlayer
(not detected) (Table 2). In addition, three- and four-ring PAHswere
the main PAH components in all water samples, particularly
phenanthrene (12e32%), fluoranthene (17e39%) and pyrene
(9e27%) (Table 2).

The fugacity profiles of phenanthrene, fluoranthene, pyrene and
methyl-phenanthrenes in the ambient air of Haizhu Lake obtained
by several individual passive sampling units showed decreasing
trends from 5 m toward the air-water interface (Figs. S5aeS5b and
S5eeS5f). In addition, there was net deposition of phenanthrene,
fluoranthene, pyrene and alkyl-phenanthrenes from air to water in
Hailing Bay (Figs. S6aeS6e and S6g and Table S7), but p,p'-DDD
tended to volatilize from water to air (Fig. S6h and Table S7).

The fugacity profiles of PAHs and DDTs near both sides of the air-
water interface in Haizhu Lake and Hailing Bay were also obtained
by the passive sampling device consisting of consecutive sampling
units (Figs. 3 and 4 and S7). Meanwhile, the fugacities of 2-
methylphenanthrene, 4þ9-methylphenanthrene, 2,6-
dimethylphenanthrene, fluoranthene, 3-methylphenanthrene and
p,p0-DDD (Figs. 4bee, 4g-4h and S7c) increased towards the air-
water interface (p < 0.05, one-sample t-test). A similar phenome-
non was also observed in the visualization of oxygen air-water
exchange using novel fluorescent dyes, with a sharp decrease of
luminescence intensity (due to the absorption of fluorescent dyes
by dissolved oxygen) observed near the air-water interface
(Falkenroth et al., 2006).

The sensitivity analysis (Fig. S8) showed that the PE-air equi-
librium partition coefficient of a target compound (Kpe-a) was the
major contributor to the uncertainty of fugacity in field de-
ployments, with a sensitivity contribution in the range of 67e88%.



Table 1
Fugacities of polycyclic aromatic hydrocarbons (PAHs; �10�9 Pa) and p,p'-DDD (�10�9 Pa) derived by two passive sampling methods at same sampling heights in Haizhu Lake
and Hailing Bay of Guangdong Province, China.

Haizhu Lake (September 29eOctober 16, 2012) Hailing Bay (September 28eOctober 15, 2012)

Consecutive sampling units Passive sampling unit Consecutive sampling units Passive sampling unit

air side (60 mm above the air-water interface)
phenanthrene 18.9 18.4 5.5 3.7
2-methylphenanthrene 0.7 0.6 0.8 0.6
4þ9-methylphenanthrene 0.8 0.9 0.7 0.6
2,6-dimethylphenanthrene 0.1 0.1 0.2 0.1
fluoranthene 1.3 1.0 0.2 0.2
pyrene 0.9 0.6 0.8 0.7
3-methylphenanthrene 0.5 0.5 0.7 0.5
1,7-dimethylphenanthrene 0.2 0.2 e e

p,p'-DDD e e 0.7 0.1

water side (60 mm below the air-water interface)
phenanthrene 7.6 9.7 4 0.9
2-methylphenanthrene 0.4 1.1 0.7 0.2
4þ9-methylphenanthrene 0.3 1.5 0.5 0.3
2,6-dimethylphenanthrene 0.1 0.2 0.1 0.05
fluoranthene 0.8 1.4 0.2 0.1
pyrene 1.1 2.1 0.1 0.2
3-methylphenanthrene 0.5 1.1 0.1 0.2
1,7-dimethylphenanthrene 0.3 0.8 e e

p,p'-DDD e e 0.06 0.06
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(h) benzo[a]anthracene (j) benzo[b+k]fluoranthene (n) benzo[ghi]perylene(m) dibenzo[a,h]anthracene(l) indeno[1,2,3-cd]pyrene(k) benzo[a]pyrene(i) chrysene
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Fig. 2. Vertical fugacity profiles of PAHs obtained with the passive sampling device consisting of consecutive sampling units (device A) in laboratory air-water microcosms. The
sampling time was 10 days, and two parallel systems were set up at 25 ± 2 �C. The blue and deep blue portions represent air and water, respectively. The concentrations of higher
weigh molecular PAHs (benzo[a]anthrancene, chrysene, benzo[bþk]fluoranthene, benzo[a]pyrene, indeno[1,2,3-cd]pyrene, dibenzo[a, h]anthrancene and benzo[ghi]perylene) in
air-side were below the reporting limits. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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Furthermore, the PE-water equilibrium partition coefficient (Kpe-w)
and Henry's Law constant (H) accounted for 66e70% and 36e55% of
the fugacity uncertainty, respectively. In contrast, the retained
fractions of PRCs were insensitive to the fugacity uncertainty. In
addition, the overall propagated errors (Text S1) associated with
fugacities ranged from 50% (phenanthrene) to 64% (2,6-dimethyl-
phenanthrene) in air and 71e131% inwater with the average values
at 57% and 85%, respectively. Most propagated errors of PAHs fu-
gacities were attributed to the PE-equilibrium partition co-
efficients, with the average contributions from Kpe-a and Kpe-w at
80% and 50%, respectively. These findings highlight the need to
accurately determine the PE-air or PE-water equilibrium partition
coefficient of a target compound.

As a passive sampler only accumulates dissolved or gaseous
PAHs in water or air, respectively, the equilibrium concentrations
of PAHs thus accumulated (Cpe-w,eq and Cpe-a,eq) would be propor-
tional to the activities of PAHs at a constant temperature. To reduce
the uncertainty of fugacity gradients, the equilibrium concentra-
tions (Cpe-w,eq and Cpe-a,eq) of PAHs in the sampler, which were
estimated only by the PAH concentrations in PE and the lost frac-
tions of PRCs (Text S4), were used to corroborate the fugacity gra-
dients near the air-water interface. As expected, equilibrium
concentration profiles of PAHs in the sampler (Fig. S10) were
consistent with the fugacity profiles (Fig. 3).

In summary, fugacity profiles obtained by the present passive
sampling device showed variable trends with different target
analytes. The fugacity profiles of detected PAHs were indicative of
accumulation near both sides of the air-water interface, whilst p,p'-



Table 2
Concentrations of dissolved polycyclic aromatic hydrocarbons (PAHs; ng L�1) and dichlorodiphenyltrichloroethane and its metabolites (ng L�1) in the surface water (SW) and
surface microlayer (SML) water collected in Haizhu Lake and Hailing Bay of Guangdong Province, China.

Haizhu Lake Hailing Bay

Sampling time September 29, 2012 October 16, 2012 September 28, 2012 October 15, 2012

Temperature and Pressure 20‒31 �C; 0 psu 23‒29 �C; 35 psu

SW SML SW SML SW SML SW SML

p,p'-DDT NDa ND ND ND ND ND ND ND
p,p'-DDD ND ND ND ND 0.9 ND 0.6 ND
p,p'-DDE ND ND ND ND ND ND ND ND
phenanthrene 6.5 36 7.5 51 2.0 286 2.2 89
3-methylphenanthrene 3.4 7.4 2.4 17 0.8 51 1.0 34
2-methylphenanthrene 3.7 5.7 3.8 23 1.3 64 1.1 40
4þ9-methylphenanthrene 3.3 10 1.8 14 0.6 38 0.8 35
2,6-dimethylphenanthrene 9.8 6.0 1.0 6.0 1.0 32 0.9 10
1,7-dimethylphenanthrene 6.0 3.0 1.0 4.0 1.0 32 1.6 21
fluoranthene 17 22 7.2 117 2.8 200 3.6 48
pyrene 7.5 35 4.9 74 1.3 126 1.3 26P

8PAH 57 125 30 306 11 829 13 304

a ND: not detected.

(a) phenanthrene (b) 2-methyl-phenanthrene (c) 4+9-methyl-phenanthrene (d) 2,6-dimethyl-phenanthrene

(e) fluoranthene (f) pyrene (g) 3-methyl-phenanthrene (h) 1,7-dimethyl-phenanthrene
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Fig. 3. Vertical fugacity profiles of PAHs obtained by the passive sampling device consisting of consecutive sampling units in Haizhu Lake of Guangzhou, China, during September
29eOctober 16, 2012. The blue and deep blue portions represent air and water, respectively. (For interpretation of the references to colour in this figure legend, the reader is referred
to the web version of this article.)
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DDD in Hailing Bay tended to escape fromwater to the atmosphere.
In addition, the trends for fugacity profiles obtained by the active
sampling (grab sampling with glass plate) and passive sampling
methods (passive sampling devices consisting of consecutive
sampling units and individual passive sampling units) were
consistent.

3.4. Significance of concentration gradients of HOCs near the
air-water interface

It is obvious that air-water transfer of HOCs is largely dictated by
the interface between the gaseous and liquid phases. Within the
air-water interface, the surface microlayer is a thin boundary layer
containing abundant organic matter. It is the link between the
hydrosphere and the atmosphere (Cunliffe et al., 2013); thereby it
plays a significant role in the inter-compartmental transfer of HOCs
and must be adequately considered. For example, a surfactant film,
an enriched layer of organic surfactants in the surface microlayer,
can retard gas exchange (McKenna andMcGillis, 2004). Calleja et al.
(2009) reported that high levels of surface organic matter
(TOC > 90 mol C L�1; CO2 fluxes: �3.1 ± 5.1 mmol C m2 d�1) led to
lower air-water CO2 fluxes than those with low organic matter
content (TOC < 90mol C L�1; CO2 fluxes:�22 ± 27mmol C m2 d�1).
The mass transfer velocity related to wind speed was also



(a) phenanthrene (b) 2-methylphenanthrene (c) 4+9-methylphenanthrene (d) 2,6-dimethylphenanthrene

(e) fluoranthene (f) pyrene (g) 3-methylphenanthrene
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Fig. 4. Vertical fugacity profiles of PAHs and p,p'-DDD obtained by the passive sampling device consisting of consecutive sampling units in Hailing Bay of Guangdong Province,
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legend, the reader is referred to the web version of this article.)
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overestimated in the presence of surface films (Frew et al., 2004).
Moreover, HOCs can interact with organic surfactants because of
their hydrophobicity (Acharid et al., 2006; Sadiki et al., 2003),
which may lead to suppression (sorption to organic matter) or
enhancement (surfactants-micellar solubilization) of air-water ex-
change of HOCs. Such resistance or assistance to mass transfer
across the air-water interface can be assessed by concentration
gradients on either side of the air-water interface (Cunliffe et al.,
2013). Characterization of surface microlayer, such as its thickness
and fugacity or concentration gradients near the air-water inter-
face, is thus important for understanding air-water exchange of
HOCs. However, both the thickness of the surface microlayer and
the fugacity (or concentration) gradient of HOCs are often difficult
to measure, particularly with conventional techniques (Liss and
Slater, 1974; Rowe and Perlinger, 2012). There is ample evidence
that the surface microlayer can accumulate larger amounts of HOCs
than bulk water (Garcia-Flor et al., 2005; McMurdo et al., 2008;
Wurl and Obbard, 2005), as we observed for PAHs (Table 2). Yet it
is not entirely clear how the microlayer affected fluxes of HOCs
across the air-water interface in the present study, which focused
on methods to characterize the fugacity profiles near the interface.
Because of physical restraints of the sampler configurations and
strong wave turbulence, the present passive sampling device was
unable to measure analyte concentrations within the surface
microlayer. As a result, assessment of fluxes is beyond the scope of
the current study.

The present study demonstrated that sampling of single points
in air and overlying water is unable to obtain fugacity gradients of
HOCs across the air-water interface, because chemical fugacity near
the air-water interface may differ substantially from that within
bulk matrices. For example, bulk matrix measurements at single
points suggested that fluoranthene and some alkyl-phenanthrenes
tended to deposit from air to water in Hailing Bay (Fig. S6beS6e).
However, the fugacity profiles of these compounds obtained by the
passive sampling device with relatively high resolution were
indicative of a near-equilibrium state (Figs. 4be4e). Furthermore,
the trends of fugacity profiles increased as towards the air-water
interface (Figs. 3b and 3de3h and Figs. 4be4e and 4g), which
would also add to the uncertainties of air-water diffusional fluxes
besides the intrinsic errors from the use of physiochemical pa-
rameters such as Henry's Law constants, partition coefficients and
overall mass transfer coefficients (Gioia et al., 2010; Wong et al.,
2012). An extreme example is the variability in the fugacity frac-
tions of phenanthrene and fluoranthene, which varied from
f ¼ 0.80e0.86 indicating deposition, to f ¼ 0.21e0.33 indicating
volatilization, depending on where the measurements were taken
(Table S8). This finding was further corroborated by the air-water
exchange ratios of PAHs estimated from the equilibrium concen-
trations in the sampler (Fig. S11). Therefore, high-resolution mea-
surement of the concentrations of HOCs near the air-water
interface is essential for any attempt to better understand the
transport and fate of HOCs at both the local and global scales.

4. Conclusions

A novel passive sampler with LDPE as sorbent phase was
introduced and validated to be capable of measuring the fugacity
profiles of HOCs across the air-water interface. In the laboratory
microcosm study, the escaping fugacity values of PAHs from water
to air were negatively correlated to their volatilization half-lives.
Field deployment results demonstrated that the detected PAHs
were likely to accumulate near both sides of the air-water interface,
whilst p,p'-DDD in Hailing Bay tended to escape from water to the
atmosphere. In addition, the variability in the fugacity fractions of
phenanthrene and fluoranthene depended on the where the
measurements were taken, suggesting that it is crucial to take a
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high spatial resolution measurement within the air-water interface
to understand the transport and fate of HOCs.
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